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DISCLAIMER

This document was prepared as an account of work sponsored by the United States
Government. While this document is believed to contain correct information, neither the
United States Government nor any agency thereof, nor the Regents of the University of
California, nor any of their employees, makes any warranty, express or implied, or
assumes any legal responsibility for the accuracy, completeness, or usefulness of any
information, apparatus, product, or process disclosed, or represents that its use would not
infringe privately owned rights. Reference herein to any specific commercial product,
process, or service by its trade name, trademark, manufacturer, or otherwise, does not
necessarily constitute or imply its endorsement, recommendation, or favoring by the
United States Government or any agency thereof, or the Regents of the University of
California. The views and opinions of authors expressed herein do not necessarily state or
reflect those of the United States Government or any agency thereof or the Regents of the
University of California.
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FOREWORD

This research was performed under a contract (MIPR # E86-92-3026) between the
Lawrence Berkeley National Laboratory and the United States Army Corps of Engineers
(USACOE) under a contract through the U.S. Department of Energy (No. DE-ACO03-
76SF00098). The project was administered by the USACOE with Mr. Tom Wakeman as
contract officer. Additional oversight was provided by the interagency Long Term
Management Strategy (LTMS) 1n-Bay Studies Work Group, chaired by Mr. Tom
Gandesbery. The contents of this document do not necessarily reflect the views and policies
of the USACOE nor does mention of trade names or commercial products constitute

endorsement or recommendation of use.



ABSTRACT

Application of pore-water toxicity testing to development of site-specific sediment quality
objectives for metals is explored in this study. We used metal-spiked pore-water bioassays
to investigate the general utility of pore-water test techniques, and we evaluated variability
in pore water toxicity at a reference site in San Francisco Bay. Additionally, we developed
a baseline of acid volatile sﬁlfide (AVS) and sequentially extracted metals (SEM) data for
San Francisco Bay that are useful in formulating a tiered approach to site-specific objective |
development. Metals concentrations eliciting toxic responses in pore water versus seawater
varied less than a factor of 2.5 for a range of species and metals, with the exception of
cadmium-exposed amphipods for which effect-levels in pore water were 5.14 to 4.63 times
higher than those observed for seawater. Spiked pore-water bioassays were generally
feasible, including an amphipod test conducted in 50 m! of pore water rather than in solid
phase sediments. Nevertheless, operational parameters for conducting the tests must be
carefully defined. In the reference site survey, pore-water toxicity varied little within a
defined geographic region. Variation in SEM/AVS was moderate throughout the Bay. |
SEM values varied by less than a factor of 3. The lowest measured mean AVS value was
0.73 and the highest was 39.6. SEM/AVS ratios indicated that metals were not contributing
to toxicity at any of thev sites we Studied in the Bay. In contrast, toxicity possibly attributable
to ammonia and sulfides was observable at disparate sites. We conclude that site-specific
objectives for metals should be developed using a tiered approach that includes both toxicity
assessment and determination of SEM/AVS. Many aspects of actual implementation of

such an approach, including field replicate variation, require further research.



INTRODUCTION

A framework for formulating site-specific sediment quality objectives for metals has been
developed in recent years (USEPA, 1994). The approach relies on a variation of °
equilibrium partitioning methodology, previously developed for nonionic chemicals. Using
this methodology, sediment toxicity is predicted by comparing interstitial water
concentrations of metals to previously established effect concentrations for the same metals.
Thus, for equilibrium partitioning, emphasis is placed on predicting toxicity rather than on
direct evaluations of toxic responses in interstitial water. Recently, Iannuzzi et al. (1995)
have contended that direct site-specific toxicity testing should receive more emphasis in
characterizing the relative degree of contamination and potential toxicity of sediments. In
addition, many aspects of the implementation of the equilibrium partitioning methodology
remain unexplored. We present a site-specific assessment of sediment toxicity in San
Francisco Bay which examines selected aspects of the implementation of equilibrium

partitioning approach as well as the utility of direct pore-water toxicity assessment.

The presence of acid volatile sulfides (AVS) in aquatic sediments has received considerable
attention in recent years because it has emerged as a good estimator of metal bioavailability
Vand toxicity (Allen et al., 1993; Ankley et al., 1991a; Casas and Crecelius, 1994; DiToro et
al., 1990, 1992). Use of AVS as a predictor of metal bioavailablity is one of the major
components of the equilibrium partitioning methodology as applied to metals (USEPA,
1994). AVS is operationally defined as the forms of sulfide present in sediment that can be
converted to H,S following treatment with cold acid (i.e., HS, $%, H,S and insoluble iron
sulfide, which is the dominant contributor to AVS). AVS controls the concentrations of
divalent metals (e.g., Ni, Pb, Cd, Cu, Hg, and Zn) in pore water through the reaction of iron

sulfide to form insoluble metal precipitates.

Metals that are extracted by the cold acid solitions used to liberate AVS in sediment
samples are referred to as simultaneously extracted metals (SEM). SEM represents the

fraction of the total metal concentration that is relatively labile and, therefore, potentially
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available for interaction with biota. This fraction is less than those typically analyzed and
reported in bulk sediment analyses that are extracted under more rigorous conditions.
These more rigorous extractions result in the recovery of insoluble metals that are not likely
to be bioavailable and hence may give a false impression of the potential for sediment

toxicity (Rule and Alden, 1990).

As a result of the relationship between SEM and AVS, sediments that have relatively high
concentrations of metals and correspondingly high or excess AVS do not exhibit metal-
related toxicity (Ankley et al., 1991a; DiToro et al., 1990). Conversely, sediments that are
highly oxidized and have low AVS may exhibit toxicity even though the concentrations of
heavy metals are relatively low. In either case, metal-related toxicity can occur whenever
the total molar concentration of mefals (i.e., SEM) exceed the molar concentration of AVS.
The relationship. between metal concentrations and AVS is important, therefore, for

understanding the potential for pore-water related toxicity in contaminated sediments.

Nevertheless, aspects of the application of this approach to field conditions have‘not been
fully explored. Of particular concern is that AVS could be patchy in estuarine sediments,
but studies of marine and estuarine systems conducted to date have not reported variation
among field replicates (Winger et al., 1993; Casas and Crecelius, 1994; SCCWRP, 1994 and
USEPA, 1994). If AVS is highly variable over time and space, then it would be difficult to

conclude what molar concentrations of metal would be bioavailable at a given location.

In the equilibrium partitioning methodology, the use of SEM/AVS ratios to predict metal
bioavailability is complemented by techniques to measure or predict interstitial water
concentrations of metals (USEPA, 1994). As stated above, hazard to aquatic life is
predicted using a comparison of interstitial water concentrations to established effects
concentrations such as the Final Chronic Value FCV obtained from USEPA water quality
criteria documents. Using this approach, there could be large sources of error both in
estimating concentrations occurring in interstitial water as well as in use of the FCV as an

indicator of toxic thresholds for benthic organisms which are not well represented in EPA
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criteria documents (Iannuzzi et al, 1995). Despite its shortcomings, the equilibrium
partitioning methodology evolved for good reason. Marine sediment toxicity testing has, to
date, focused on solid-phase toxicity tests using amphipods. Thus, it follows that scientists
would seek to determine what concentrations of metals in bulk sediment could cause toxicity
in amphipod tests. In addition, it is widely understood that bulk concentrations of metals
in sediment are not good predictors of toxicity in solid phase tests. Rather, interstitial water
concentrations are a better predictor of toxic response (e.g., Kemp and Swartz, 1988; Di
Toro et al., 1990). Consequently, for marine ecosystems, a methodology has developed that
is based, first, on estimation of concentrations of metals in interstitial water from bulk
sediment values and, secondly, on determination of the relationship of interstitial water
concentrations to mortality of amphipods in solid phase tests. This approach is valuable but
should now be considered in concert with emergent techniques for pore-water toxicity
assessment (e.g., Giesy et al., 1990; Carr and Chapman, 1992; Ankley et al., 1991b, and
Schubauer-Berigan et al., 1993). ‘

If pore-water toxicity testing is to be more widely applied to site-specific sediment quality
objective development, it must be subject to further validation. Comparisons of metals
tolerances in pore water and sea water have been few (Green et al., 1993) and, to our
knowledge, none have utilized marine species embryo tests employed in pore-water toxicity
testing (Carr and Chapman, 1992). Variability in response to metals among different pore
waters has also not been examined, and the relationships between toxicity in pore water and

- AVS in sediment should be determined.

Nickel is of particular interest in San Francisco Bay sediment, due to relatively high levels
of this metal that have been observed throughout the estuary (Hornberger et al., submitted).
In addition, sediment nickel concentrations frequently exceed sediment quality guidelines
(Hoffman et al., 1994). Thus, a sediment quality objective for nickel in San Francisco Bay
would be more useful if site-specific objectives could be developed. Bioavailability of nickel
in marine sediments has been studied previously (DiToro et al., 1992), and such studies

provide the basis for developing site-specific objectives in San Francisco Bay.
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This study had three broad goals. Our first goal was to determine the utility of pore-water
toxicity tests in developing site-specific sediment quality objéctives for metals. We used
spiked pore-water bioassays to evaluate the toxicity of nickel, cadmium, and copper. We
investigated tolerances of three test species (one amphipod mortality test and two marine
species embryo abnormality tests) in pore water and seawater. The second goal was to
assess variability in toxic response using pore-water tests at a single reference site over time
and along a spatial gradient. Our third objective was to establish a baseline of AVS and
SEM values for San Francisco Bay sediments as well as to evaluate the potential

contribution of heavy metals to toxicity observed in sediment pore water.
METHODS

SITE DESCRIPTION

Our reference location was Paradise Cove on the Tiburon Peninsula within San Francisco
Bay, California (Figure 1). This site was selected because no local contaminant inputs exist
in the area. Other sediment collection sites were distributed throughout the northern and

central portions of San Francisco Bay (Figure 1).
SEDIMENT COLLECTION AND PORE WATER EXTRACTION

Surficial sediment samples (approximately 5-cm depth) were collected using a petite Ponar
Grab and stored in 20-L acid-washed buckets that were fitted with sealable lids.
Approxiniately four to six grabs of sediment were taken for each field replicate and
combined in one bucket. Water depths ranged from 3 to 6 m. All samples were stored in

coolers and chilled during transport to the laboratory.

Sediment samples were held at 4-8°C for a maximum of 24 h before pore water was
extracted by centrifugation. All equipment and containers were acid washed prior to

centrifugation. Sediment samples from individual buckets were scooped into 250-mli
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Nalgene bottles and centrifuged in a Sorval RC-2 for 20 minutes at 2,500 x g at 4°C. For
each sediment sample, subsamples were centrifuged, and the pore water from each sample

was pooled and stored at 4°C for a maximum of 24 h before toxicity tests were initiated.
STUDY DESIGN
Metals Spiking Experiments

We addressed three questions using metals-spiking experiments. First, we evaluated whether
dose-effect relationships are observed when metals are spiked into both pore water and
seawater to determine whether spiked pore-water bioassays would be feasible and reliable.
Second, we compared EC,, (and LC,,) values from spiked pore water to values obtained
using spiked seawater to determine whether pore water has a greater capacity to bind metals
or whether additive or synergistic effects might be observed. Third, we determined the
relationship between spiked pore-water concentrations of metal (nickel only) and spiked
Paradise Cove sediment concentrations. The purpose of this nickel isotherm study was to
compare the threshold for toxicity based on bulk sediment values to those we obtained using

spiked pore water.

Metal spiking experiments were conducted using nickel, cadmium, and copper in both pore
water obtained from Paradise Cove and seawater from Bodega Bay, CA. Because
preliminary experiments indicated that water filtration increased toxicity, only unfiltered
pore water and seawater were used in subsequent toxicity tests. Aliquots of a stock solution
of either nickel chloride (Aldrich Chemical Co.), cadmium chloride (Sigma Chemical Co.),
or copper sulfate (Aldrich Chemical Co.) were pipetted into pore water or seawater and
allowed to equilibrate for 2 h before exposures were initiated. All equipment, glassware,
containers, and vials were acid washed prior to testing. Exposures were conducted using 48-
~h development tests for both oyster embryos (Crassostrea gigas) and sanddollar embryos

(Dendraster excentricus). A 10-day survival test, using the amphipod Eohaustorius estuarius,



was also conducted. These species are commonly used for sediment toxicity testing in San

Francisco Bay.

Intrasite Variability at the Paradise Cove Reference Station -- Sampling Design and

Hypotheses

We addressed three questions in the reference station study. First, we assessed whether
toxicity at Paradise Cove varies over time. Second, we questioned whether toxic responses
vary along a north to south gradient at the site. Third, we assessed how SEM/AVS varied
in relation to toxicity at the site. To address the first question, four field replicates were
sampled on four dates between February and April, 1994, and toxic responses for the four
timepoints were compared. To address the second question, four field replicates from the
northern (pcn), mid (pcm), and southern (pcs) portions of Paradise Cove were evaluated.
To address the third question, SEM and AVS were quantified in all field replicates of the

reference station study.

For the study of temporal variation, sampling was conducted at a water depth of 3-5 m, and
locations were fixed using derelict piers as markers. Four separate samples that were
separated by approximately 50 m were obtained from this central site along a north-south
transect. For the study of spatial variation, additional samples were obtained from sites
located due north and south of the central sampling locations. For each of these sites, the
first sample was obtained approximately S0 m from the outer limits of the central sampling
station. A total of four samples were subsequently obtained from each site along a north-
south transect in a direction away from the central sampling location. These samples were
separated by approximately 50 m, and the water depth was 2-5 m. For both studies, toxicity
was assessed in pore-water exposures and a seawater control using a 48-h development test
for the sea urchin, Strongylocentrotus purpuratus, and the mussel, Mytilus edulis. A 96-h
survival test was used for two species of amphipod (E. estuarius and Rhepoxynius abronius).
These species are commonly used for sediment toxicity testing in San Francisco Bay. S.

purpuratus and M. edulis were used in embryo tests, rather than D. excentricus and C. gigas
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(which were used in the metals spiking experiments), because the latter species do not

spawn in the winter and spring months.

- Intersite Variability at Various San Francisco Bay Locations -- Sampling Design and

Hypotheses

The following questions were addressed in the intersite variability study: Does toxicity at
sites within San Francisco Bay vary significantly from that at the Paradise Cove reference
station? How does SEM/AVS vary between stations and among field replicates at a range
of stations? Three surveys were conducted over a four-month period, and in each of these
surveys, three different sites were compared to Paradise Cove. Four field replicates were

collected at each site, and four field replicates were collected at Paradise Cove.

In the first survey, sediment samples were taken from Clipper Cove (Treasure Island),
Richmond Inner Harbor (Richmond), and Point Richmond (Richmond). vIn the second
survey, samples were taken from Islais Creek (San Francisco), Hunters Point (San
Francisco), and Clipper Cove (Treasure Island). In the third study, we sampled China Cove
(Angel Island), China Basin (San Francisco), and the Alameda Naval Supply Center
.(Alameda Island). These sites are noted on Figure 1. Studies were conducted with
undiluted pore water and seawater (control) using a 48-h development test for S. purpuratus

and M. edulis and a 96-h survival test for E. estuarius and R. abronius.

An additional preliminary survey at Castro Cove (Figure 1) was conducted
contemporaneously with the intrasite variability study described above. These data are
treated separately because the sampling design differed from the one established for the

intersite surveys.



TOXICITY TEST PROTOCOLS

Toxicity tests were generally conducted according to ASTM (1989) and USEPA (1991)
protocols. Modifications to test pr'otocols as well as additional test specifications are
described below for each test.

Es

Bivalve 48-Hour Embryo Development Tests

The 48-h embryo development tests using the bivalves M. edulis and C. gigas were performed
according to ASTM protocols (ASTM, 1987). Adult bay mussels were obtained from either
Tomales Bay Oyster Company (Tomales Bay, CA) or Carlsbad Aquafarms (Carlsbad, CA).
Adult Pacific oysters were obtained from either Kim Siewers (Santa Cruz, CA) or Tomales -

Bay Oyster Company (Tomales Bay, CA).

Adult oysters and mussels were obtained either the day before or the day of testing and
maintained in coolers with blue ice at approximately 12°C. Adults were spawned in water
baths heated to 25°C. At the onset of spawm'rig, animals were placed in individual beakers
containing seawater at test temperature. Tests were run in 20-ml glass scintillation vials with
a 10-ml test volume. The test was terminated by adding 1 ml of 5% gluteraldehyde solution
to each of the vials after a 48-h exposure period. Percent normal development was

determined at the end of the test.
Echinoderm 48-Hour Development Tests

The 48-h embryo development tests were conducted using the echinoderms S. purpuratus
and D. excentricus following the general approach of Oshida et al. (1981) with the following
additional test specifications and exceptions. Adult S. purpuratus were obtained from
Bodega Bay Marine Laboratory (Bodega Bay, CA.). Adult D. excentricus were obtained

from Kim Siewers (Santa Cruz, CA).



Adult sea urchins were held in aquaria with filtered Bodega Bay seawater at approximately
10-12°C prior to spawning. Adult sand dollars were received one day prior to testing and
held on ice at 10-12°C in coolers. Urchins and sand dollars were spawned by injecting 1-2
ml of 0.5-M potassium chloride into their oral cavity. Sperm was collected by dry spawning
(Cherr et al., 1987). Embryos were fertilized using a 200:1 sperm to egg ratio and allowed
to develop for 48 h. Tests were conducted in 20-ml glass scintillation vials that contained 10
ml of test solution. The test was terminated by adding 1 ml of 5% gluteraldehyde solution
to each of the vials after a 48-h exposure period. Percent normal development was

determined at the end of the test.
Amphipod 4-day and 10-day Survival Tests

Ten-day metal spiking experiments were conducted using the amphipod Eohaustorius
estuarius. For intersite and intrasite studies, four-day pore water toxicity tests were
conducted with the amphipods E. estuarius and Rhepoxynius abronius. Both amphipods were
supplied by Northwest Aquatic Sciences (Newport, OR). Tests were conducted similar to

Swartz et al. (1985) with several exceptions.

Rather than the conventional ten-day solid phase tests, we utilized both ten- and four-day
pore-water toxicity tests. These were conducted in 200-ml acid washed plastic cups with 50
ml of test solution and five amphipods per cup. Four replicate cups were run for each
treatment. Test solutions were not renewed because prohibitively large volumes of pore
water would have been required. Amphipod survival was monitored daily, and dead
amphipods were removed. Salinity and temperature were monitored daily and pH, dissolved
oxygen, and ammonia were measured at the begihning and end of each test using aliquots

of test solutions.
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WATER AND PORE WATER QUALITY MEASUREMENTS AND TEST
SPECIFICATIONS

Water quality measurements included dissolved oxygen, pH (Orion 701 pH/mv meter),
salinity (refractometer), total ammonia (Orion 701), temperature, and in some cases total
suspended particulates (APHA, 1985). Water quality measurements for embryo tests were
made at test initiation and test termination using separate vials containing embryos that

were designated for water chemistry analyses.

Limits in variation of test salinity and test pH were established because sample alteration,
especially in the spiking studies, would alter the basic binding characteristics of the pore-
water sample. The acceptable salinity range was 28-32 ppt, and because samples did not

deviate from this range, salinity was not adjusted.
SORPTION ISOTHERM FOR NICKEL

A sorption isotherm that defined the relationship between dissolved and sorbed nickel was
determined for a single sample of Paradise Cove sediment. Because all toxicity studies were
conducted with pore water only, the results of the isotherm studies were used to determine
the corresponding bulk sediment concentrations of nickel that would be expected to elicit
toxicity. Sediment obtained from the central sampling location was used for this
determination. Approximately 4 g of wet sediment was added to tared 50-ml screw-cap glass
test tubes and weighed. Forty ml of a solution that contained a known concentration of
nickel was then added to each of three replicate tubes. Five concentrations that ranged
from 1.4 to 70 mg Ni/L were used. A single tube that did not contain sediment was used
as a control for each nickel concentration to account for potential nickel loss via sorption
on container walls. These solutions were subsequently shaken for 24 h and then centrifuged
at 1,200 x g for 30 minutes. Aliquots (10 ml) of overlying water were removed, filtered at
0.45 um and acidified to a pHv of 2 with ultrapure HCL. Concentrations of dissolved nickel

were determined with a Perkin Elmer Model 5100 atomic absorption spectrophotometer
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equipped with a graphite furnace and Zeeman effect modulator. The remaining overlying
water was decanted, and the tubes were placed in a 100°C oven for 24 h. The tubes were

subsequently weighed to determine the dry weight of the sediment.

The amount of nickel sorbed to sediment was calculated as the difference between the
initial and final concentrations in the aqueous phase divided by the dry weights of the
sediment. A sorption isotherm that defined the relationship between the concentrations of

dissolved and sorbed nickel was subsequently defined.

TOTAL SULFIDES, ACID VOLATILE SULFIDE (AVS), AND SEQUENTIALLY
EXTRACTED METALS (SEM)

The concentrations of acid volatile sulfides in sediment samples were determined according
to modifications of a previously described method (Allen th al,, 1993). In brief, single
aliquots (approx. 10 to 20 g) of wet sediment were added to a 500-ml round-bottom flask
that contained 100 ml of deionized water and a magnetic stirring bar. A 250-ml separatory
funnel that contained 20 ml of 6-M HCI was connected to this flask via a three-hole butyl
rubber stopper. The sample flask was connected in series with glass and Tygon tubing to two
250-ml erlenmeyer flask trapping vessels that contained 200 ml of 0.5-M NaOH to remove
hydrogen sulfide gas as sulfide ion. This sealed system was flushed with de-aerated nitrogen
gas prior to the evolution of sulfide. All labware was precleaned with ultrapure hydrochloric

acid prior to use.

Sulfides were evolved from' the sediment sample following the addition of the 6-M HCL
“solution. Nitrogen was subsequently flowed through the system for 1 h while the sample was
magnetically stirred. Sulfide trapped as sulfide ion was measured using a modification of
the methylene blue method (APHA, 1985). Ten-ml samples and standards were preserved
using 1 ml of 5-M NaOH. Prior to sulfide quantitation, 1 ml of mixed diamine reagent
(MDR) was added to each sample and color was allowed to react for 20 minutes. The

absorbance of each sample and standard solution was measured spectrophotometrically in
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the order that they were made. Total sulfide concentrations were subsequently determined

from a standard curve.

Following the recovery of AVS from sediment samples, approximately 20 ml of the HCl
solution was decanted into plastic scintillation vials for subsequent determination of
simultaneously extracted metals. Copper, zinc, lead, nickel, and cadmium were measured
with a Perkin Elmer Model 5100 atomic absorption spectrophotometer equipped with a
graphite furnace and Zeeman effect modulator. Metal concentrations were determined
from standard curves that were prepared from the analysis of standard solutions. Three
replicate analyses were performed for each sample. Metal concentrations were calculated
on a molar basis and the total SEM was calculated as the sum of the concentrations of the

individual metals.
STATISTICAL ANALYSIS

For the metal spiking experiments, ECy, and LC,, estimates were determined using a probit
analysis (Toxstat 3.4; West, Inc. and D.D. Gulley, 1994). Pore Water Effect Ratios (PWER)
were calculated as the pore water ECsy or LC;, divided by the sea water ECyy or LCs,.

Regression analyses were performed using Microsoft Excel 5.0.

For the intrasite survey, differences in toxicity at Paradise Cove over time and along a
spatial gradient were tested using ANOVA. Similarly, in the intersite survey, ANOVA was

(,

used to compare the three sites to Paradise Cove.

For the intrasite and intersite studies, all additional statistical analyses were performed using
Toxstat 3.4. Data were first tested for normality using either a Chi-squared or Shapiro-
Wilks test, followed by a Bartlett’s or Hartley test for homogeneity of variances. If the data
did not pass either of these tests, they were arcsine transformed and repeated. If the data
passed both tests, they were analyzed for significance using either a Dunnetts test (for equal

replicate sizes) or a Bonferroni t-Test (for unequal replicéte sizes). If the data did not pass
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either the normality or homogeneity test after a arcsine transformation, then a non-

parametric Kruskal-Wallis Test was used.

RESULTS
SPIKED PORE WATER BIOASSAYS--METALS SPIKING STUDY
Nickel

The frequency of normal D. excentricus embryos declined following exposure to nickel-spiked
seawater (r’= 1, 0.89, and 0.98) and pore water (r*=0.91, 0.72, and 0.82) (Figure 2). EC,,
values (+ 95% C.1.) were 740 £ 126, 865 + 43, and 1,263 + 50 ug/L when nickel was spiked
into seawater on three separate test dates. In contrast, when nickel was spiked into pore
water, lower EC,, values of 688 + 62, 549 + 44, and 651 + 31 ug/L were observed,
respectively. Pore Water Effect Ratios (PWER) for the three pore water sémples were 0.93,

0.63, and 0.52, indicating a potential additive or synergistic effect occurred in pore water.

A dose-dependent decrease in normal development was also observed for C. gigas embryos
exposed to nickel (r*= 0.73 for seawater and 0.82 and 0.89 for two porewaters). ECs, values
were 633 * 28 ug/L for seawater and 259 + 16 and 310 £ 16 ug/L for two pore water
samples. The PWERs for the two pore waters were 0.41 and 0.49.

Only relatively high doses of nickel affected survival of E. estuarius (Figure 2). Regression
analyses of E. estuarius survival and nickel dose resulted in r* values of 0.85 for seawater and
0.81, 0.75, and 0.86 for three pore water samples. LCg, values were 60 + 13 mg/L for
seawater and 59 £ 9, 82 * 13, and 85 + 10 mg/L for pore water samples. The PWER for
the three pore waters were 0.98, 1.37, and 1.41.
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Percent survival of E. estuarius after 10-day exposures in Bodega Bay seawater and three
unspiked pore waters was 80, 100, 73, and 87, respéctively (Figure 2). This indicates that
the amphipods can be tested reliably in the 50-ml volumes that we found practical for pore-
water toxicity testing. Water chemistry parameters measured throughout the experiment
were within specified ranges. However, pore water samples often exhibited lower pH than

seawater by up to 0.5 pH units.

A sorption isotherm for nickel in Paradise Cove sediment was determined (Figure 3). This
isotherm yielded a linear relationship over the range of concentrations tested and had a
distribution coefficient (Kd) of 1,765.

Cadmium

Dose-dependant decreases in normal development of D. excentricus and C. gigas were
observed (Figure 4) following exposure to increasing concentrations of cadmium in pore
water (r>= 0.84 and 0.92 for D. excentricus and C. gigas, respectively) and seawater (r>=0.74
and 0.62) . For D. excentricus, the EC,, values were 19 + 0.9 and 15 + 0.5 ug/L for seawater
and pore water, respectively. The PWER was 0.79. Using C. gigas, the ECy, was 759 * 35
ug/L for pore water and 1,709 + 132 ug/L for seawater. The PWER was 0.44. For the test

with C. gigas, pore water pH was approximately 0.5 units lower than seawater pH.

A dose dependant increase iﬁ mortality was observed for E. estuarius exposed to 0.1 to 10
mg/] cadmium in pore water; however, a significant dose response was not observed in
seawater spiked with the same doses (Figure 4). R-squared values of 0.45, 0.26, 0.34 and
0.02 were observed for three pore waters and one seawater sample, respectively. LCs,
values of 427 + 197, 384 + 160, and 398 + 181 were observed in the three pore waters, and
an LC,, of 83 * 45 was observed for seawater. PWERs were 5.14, 4.63, and 4.80. Pore-
water pH was approximately 0.5 pH units lower than seawater pH. In this test, salinity

exceeded the specified maximum range by approximately 4 ppt.
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Copper

Exposure of D. excentricus embryos to copper resulted in water effect ratios between pore
water and seawater of greater than unity. EC;, values for the two pore water samples were
59 + 2 and 66 * 3 ug/L and that for seawater was 50 * 2 ug/L. Thus, the derived PWERs
were 1.18 and 1.32. Regression analyses of embryo abnormality and copper dose resulted
in 12 values of 0.91 for seawater and 0.95 and 0.97 for the two pore waters (Figure 5).
Although there was some variation among the pore waters, pore water pH was

approximately 0.5 pH units lower than was seawater pH.

A dose-dependent increase in ébnormality of C. gigas embryos was elicited following
exposure to 5 to 60 ug/L copper (Figure 5). R-squared values of 0.84 and 0.92 were
observed for seawater and pore water, respectively. EC;, values were 16 + 1 for seawater
and 26 * 2 for pore water, and the derived PWER was 1.63. Pore water pH was

approximately 0.5 pH units lower than was seawater pH in this test.

Copper was relatively nontoxic to amphipods. When E. estuarius was exposed to doses as
high as 10 and 50 mg/L for 48 h, no significant mortality was observed. At the highest
exposure concentration, copper precipitated in the test containers, and, thus, conclusive

toxicity data could not be obtained.
INTRASITE VARIABILITY AT PARADISE COVE REFERENCE STATION

'Temporal Variations

Toxic responses of four species (M. edulis, S. purpuratus, E. estuarius and R. abronius) did
not vary significantly between four surveys conducted over a two month period using pore
water from the Paradise Cove site (Table 1). For M. edulis, mean embryo abnormality as

a percent of seawater control ranged from 97 to 119; whereas for S. purpuratus the range
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was only 83 to 92. The range of amphipod survival as a percent of seawater control was 94

to 104 for E. estuarius and 87 to 100 for R. abronius.
Spatial Variation

Variation among field replicates increased at stations to the north and south of our defined
reference area in toxicity tests using S. purpuratus and R. abronius (Figures 6 and 7).
However, no statistically significant difference was observed when field replicate means for

pem, pes, and pen stations were compared.
Variability in SEM and AVS

AVS and SEM were determined for all samples acquired at the Paradise Cove reference
station (Table 2). AVS values for this site differed within the site (range of 0.01 to 25.0
rM/g) as well as between sampling periods. The mean AVS value for all of the samples
(n=24) was 5.3 + 1.4 uM/g. The range of SEM values was 0.71 to 3.91 uM/g dry sediment
weight with a mean value of 1.87 + 0.18 uM/g. The ratios of SEM to AVS ranged from
0.06 to 9.23 and had a mean value of 1.64 + 0.59 for all samples. AVS may not be an
appropriate indicator of metal availability when values < 1 uM/g are observed (DiToro et
al., 1990), however, and the mean value of SEM/AVS for samples in which AVS values
were > 1 uM/g was 0.60. Within this group, only two samples had SEM/AVS values > 1
uM/g (ie., Paradise Cove N4 and M2). These samples had relatively low AVS values of

'1.31 and 1.04, respectively and neither sample elicited toxic effects.
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INTERSITE VARIABILITY AT VARIOUS SAN FRANCISCO BAY LOCATIONS

Comparison of Richmond Inner Harbor, Point Richmond, and Treasure Island

to Paradise Cove

Toxic effects were observed in individual field replicates at each site; however, comparison
of the four field replicate means for each site to the field replicate mean for Paradise Cove
resulted in no significant differences detected among sites. Large variation in field replicate

means is evident (Figure 6).

Toxicity observed in individual field replicates could be partially attributable to ammonia
and sulfides. Urchin and bivalve einbryos exhibit toxicity (ECs,) to H,S between 9.6 and
19.2 ug/L under flow through conditions (Knezovich et al., 1995), and these levels were
exceeded in some field replicates at Richmond Inner Harbor and Treasure Island (Table
3). Ammonia is toxic to urchin embryos at 0.15 mg/L, and this value was exceeded in all
field replicates at both Richmond Inner Harbor and Treasure Island, in one field replicate

at Point Richmond, and in two field replicates at Paradise Cove.
Comparison of Treasure Island, Hunters Point, and Islais Creek to Paradise Cove

The null hypothesis that there were no significant differences in toxicity in comparison to
the Paradise Cove reference station was rejected for every species tested (Figure 6). For S.
purpuratus and M. edulis one-way ANOVA (df=3,11) on arcsine transformed data resulted
in F-values of 36.5 and 238.5, respectively. Significant toxicity using these two species was
observable at Hunters Point, Treasure Island, and Islais Creek (Bonferroni T Test for S.
purpuratus and Dunnett’s Test for M. edulis). For R. abronius, significant variation among
means was also observed (ANOVA, F=220.7); with Treasure Island and Islais Creek pore

waters ‘eliciting significant toxic effects (Bonferroni T test). Significant variation among
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means was observed for E. estuarius (ANOVA on arcsine transformed data, F=68.3), but

only Islais Creek pore water elicited significant toxic effects (Bonferroni T).

- Ammonia and sulfides in some samples were measured in quantities sufficient to cause
toxicity (Table 3). Ammonia exceeded the toxic threshold of 0.15 mg/L NH, for S.
purpuratus at all stations. In addition, toxicity thresholds for H,S were exceeded at Islais
Creek, with an average concentration of 59.25 ug/L. This value exceeds potentially toxic

levels for the embryo tests but not for the amphipod tests (Knezovich et al., 1995).

Comparison of Angel Island, China Basin, and the Alameda Naval Supply Center to

Paradise Cove

In this survey, only China Basin pore waters elicited significantly different responses in
comparison to the reference station (Figure 6). This increase in toxicity was observed for
three of the four species tested. One way ANOVA (df=3,12) of toxicity test data for S.
purpuratus (F=12.6), M. edulis (F=6.5), and E. estuarius (F=8.6) indicated significant
variation among treatment means (Dunnetts). No significant differences among sites were,

detected using the R. abronius toxicity test.

Toxicity at China Basin could have been attributable to sulfides and ammonia. Mean sulfide
concentration at this site was 38.85 ug/L H,S, and mean NH; values on day 3 were 0.19
mg/L (Table 3).

Although analysis of field replicate means did not indicate significant toxicity at the
Alameda site, we suspect that significant toxic effects would be observable if the site were
more carefully evaluated. Preliminary sampling to determine the boundaries of the toxic

areas would decrease the variation among field replicates.
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Comparison of Castro Cove to Paradise Cove

Our preliminary survey of Castro Cove indicated that toxicity was clearly observable with
S. purpuratus (Figure 6). A large variation in toxicity among field replicates was also noted
for other species, although field replicate means do not differ significantly from Paradise

Cove.
SEM and AVS Values

Results from all of the intersite samples revealed that SEM values varied by at most a factor
of three between sites (Tables 4 - 7). Mean SEM values ranged from a low of 0.93 uM/g
sediment dry weight at Treasure Island to a high of 2.71 uM/g at Alameda. AVS values
also varied both within and between sites. The lowest mean AVS values were measured at
Pt. Richmond (0.73 + 0.62 uM/g) and the highest values were measured at the Castro Cove
site (39.6 + 3.8 uM/g). SEM to AVS ratios never exceeded 1 for samples in which AVS
values were > 1 uM/g. Variation among four field replicates was highest at Treasure Island
and Point Richmond. Interestingly, these sites encompassed a larger geographic range than
the others, and variations in AVS indicate that future sampling at these sites should focus

on smaller, more well defined areas.
DISCUSSION

The responses of organisms in metals-spiked pore water and seawater varied among species
and among metals. For nickel, PWERs of less than one (0.93, 0.63 and 0.52) were observed
for D. excentricus embryo development and C. gigas embryo development (PWERs were 0.41
and 0.49). In contrast, varying results were obtained for E. estuarius (two- pore waters
exhibited PWERs greater than one and a third exhibited a PWER of 0.98). The PWER for
E.estuarius exposed to cadmium were the largest observed in our study and exceeded 4 for
all three pore waters tested. Embryos exposed to cadmium exhibited higher toxicity in pore

water as compared to seawater. For copper exposures, marginally lower toxicity was
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observed in pore water as compared to sea water for both species tested. Using an infaunal
copepod, Green et al. (1993) observed that cadmium toxicity in spiked pore water was lower
than that observed in spiked seawater. 'We observed a similar response with the amphipod
exposed to cadmium, but responses of other species and responses to other metals did not
support a general conclusion that metal toxicity in pore water is lower than in seawater.
With the exception of the large PWER observed for cadmium-exposed amphipods, effect
concentrations in pore water and seawater varied by less than a factor of 2.5 for a range of
species and metals. Thus, in cases for which spiked pore-water toxicity data are not
available, data obtained using spiked seawater tests may serve as a reasonable first

approximation of the level at which detrimental effects might be observed in interstitial

water.

Our findings indicate that pore-water tests are generally feasible and useful in developing
site-specific objectives for metals provided a variety of »species are examined. Toxic
responses occurred in embryo tests at much lower levels than were observed for amphipod
tests. The ecological relevance of such findings remain to be substantiated. If pore-water
tests are utilized in site-specific objective development, numerous factors contributing to
variability in test results must be defined. Operational factors such as sampling procedures
and pore water preparation procedures must be defined, and decisions regarding level of
filtration and pH adjustment of test solutions should be implemented uniformly. In this
~ study, PWER might have been largef had we chosen to filter the seawater samples.
Although the lower pH of pore water would be expected to increase the bioavailable
fraction of metals, the presence of dissolved ligands may mitigate their bioavailability as
compared to overlying seawater. Variation among field replicates in the bioavailability of
metals in pore water must also be recognized. If conclusive assessments of bioavailability
or synergistic and additive effects are a goal, then study design must include adequate

replication of pore-water samples.

In both the reference station and bay-wide surveys, sediment toxicity was patchy. Although

the patchy nature of sediment contamination is well known (Swartz et al., 1989); field
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replicate variation is not often reported in site-specific pore-water toxicity surveys
(SCCWRP, 1995). In our study, variations among sites were often not significant due to
large variation in field replicates. If all field replicates were considered as independent
samples, many more sites would have been significantly toxic. Sampling design must be
explicitly linked to the goals of a study. Variability in sediment toxicity may be attributable
to changes in physical and chemical properties of the sediment that alter the bioavailability
of toxicants as well as variation in the distribution of contaminants. In either case, site-
specific impact assessments that are designed based on preliminary surveys of toxicity and
physical/chemical properties at each site appear to be the most pragmatic means of

assessing potential effects of contaminants at a given site.

Ammonia and sulfides may have contributed to toxicity at the sites we surveyed. However,
our predictions of toxic levels are conservative, because ammonia and sulfides can dissipate
over the exposure period and this is not accounted for in our estimates. Rather, we use
tolerance levels for ammonia and sulfides that are determined in laboratory toxicity tests in
which exposure concentrations are maintained constant. Additional sources of variation in
assessing toxicity attributable to ammonia include field replicate variation, sampling
technique, and sample storage time (Sarda and Burton, 1995). Although we did not conduct
Toxicity Identification Evaluations (TIEs) in this study, this methodology has been applied
to pore water to elucidate effects of ammonia (Schubauer-Berigan and Ankley, 1991; Hoke
et al.,, 1992). The potential of coupling TIEs with toxicity testing is one of the merits of

pore-water toxicity testing.

In this study, the distribution of nickel between the dissolved and sorbed phases for Paradise
Cove sediment was determined so that pore-water concentrations could be related to bulk
sediment values that are commonly used to evaluate sediment hazard. Using this
information, it is possible to calculate a bulk-sediment concentration for nickel as a function
of pore-water concentration. For example, the bulk sediment concentration of nickel that
would be expected to elicit pore-water toxicity to the most sensitive endpoint measured, D.

excentricus embryo development (lowest observed EC;, = 482 ug/L), would be
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approximately 850 mg/kg (i.e., 482 ug/L x Kd). This value represents a worst-case because
these isotherms were determined under oxic conditions that would maximize the pore-water
concentration of the metal. It is expected that higher bulk concentration of metal would be
necessary to elicit toxicity under the variety of anoxic conditions that exist in situ. In
addition, this bulk concentration of nickel exceeds the proposed ERL and ERM values for
this metal (e.g., 20.9 and 50 mg/kg, respectively; Long et al., 1995). Howevef, the apparent
background levels for nickel throughout San Francisco Bay sediments (i.e., from 50 to 100
mg/kg; Hornberger et al., submitted) are in excess of these values and do not appear to

elicit toxic effects (Hoffman et al., 1994).

The levels of AVS measured in this study are similar to values reported for both freshwater
and marine sediments (Casas and Crecelius, 1994; DiToro et al., 1990, 1992; Zhuang et al.,
1994). The relatively high range of variability in AVS values that we observed has also been
reporteé by Casas and Crecelius (1994) who measured AVS values of 1.9, 16.4 and 50.5
uM/g for three different samples acquired within Port Angeles Harbor, WA. This high
variability among sites may occur as a function of different sediment characteristics (e.g.,
sand/silt/clay ratios) and mixing of sediments from different depths. In our study, variation
in AVS in surficial sediments at the most well defined sites was relatively low (Tables 2 and
4-7). Although SEM/AVS ratios were generally too low in this 'study to make definitive
conclusions, our data do indicate that SEM/AVS values may be generally reliable indicators
of at least the absence of toxicity in a broad range of sediments. Nevertheless, variation is
large enough to bring into question some aspects of the utility of tile equilibrium
partitioning approach. For example, we question whether equilibrium partitioning can be
used to set objectives regarding allowable molar quantities of metals that are applicable to
large geographic regions (e.g., such as the central portion of San Francisco Bay). Rather,

limited site-specific values may be more realistic.

Although AVS can be used to generally define the bioavailable fraction of heavy metals in
sediments, it may overestimate the bioavailable fraction of some metals. In this study, there

were some sites for which the SEM/AVS ratio was greater than one, but toxicity was not

23



observed. For these sites, the high SEM/AVS ratios were largely driven by relatively low
AVS values and not high concentrations of metals. This observation is in agreement with
DiToro et al. (1990) who concluded that AVS values of less than 1 uM/g do not provide

a reliable index of metal availability.

Because nickel is the most soluble of the metals that are controlled by AVS, it is the first
metal that is released to pore water when SEM values exceed AVS values. Nickel-related
toxicity should be anticipated, therefore, when AVS is exceeded by SEM. Because nickel
has a relatively low toxicity (e.g., D. excentricus EC50 is approx. 500 ug/L), however, nickel-
related effects may not occur even when SEM values exceed AVS values. Pesch et al.
(1995) have reported that nickel did not cause mortality in the marine worm Neanthes
arenaceodentata until SEM/AVS ratios were greater than 10. Both Ankley et al. (1993) and
Casas and Creceiius (1994) have also reported that toxicity was not observed in freshwater

and marine sediments for which copper was present in excess of the concentration of AVS.

They concluded that AVS alone could not adequately predict copper availability and that
other binding phases contributed to the reduced availability of this metal. In this study, sites
at which significant toxicity was observed had low SEM/AVS values. Two of the most toxic
sites, Islais Creek and Castro Cove, had mean SEM/AVS values of 0.07 + 0.01 and 0.07 +
0.03, respectively. The China Basin site, which also exhibited toxicity, also had a relatively
low SEM/AVS ratio (0.24 + 0.20). Collectively, the results of these studies indicate that
metals were not contributing to toxicity observed at any of the sites that we sampled in San

Francisco Bay.

In conclusion, site-specific assessments using pore-water toxicity tests may be useful in
defining the boundaries of contaminated sediment sites and, if linked with TIEs, in
ascertaining the potential causes of toxicity. The ecological relevance of pore-water testing,
however, could be improved if more tests utilizing infaunal organisms were developed.
SEM/AVS ratios are also valuable in helping to discern whether metals can be excluded as

a cause of toxicity at selected sites. Use of spiked pore-water toxicity tests in combination
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with SEM/AVS ratios will provide an excellent assessment of metal bioavailability and
toxicity at well defined sites. However, when formulating site-specific sediment quality
objectives for larger geographic regions, variation among sites must be carefully considered.
Adams et al. (1992) and MacDonald and Salazar (1995) concluded that a tiered approach
to sediment quality assessment is vital, because no single approach is adequate." We concur
and further suggest that site-specific objective development for metals should emphasize

equally regional toxicity assessment as well as determination of SEM/AVS.
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FIGURE LEGENDS

- Figure 1. Map of sampling sites in San Francisco Bay.

Figure 2. Nickel toxicity in ;piked pore-water and spiked seawater for two species.
Figure 3. Nickel isotherm for Paradise Cove sediment.

Figure 4. Cadmium toxicity in spiked pore water and spiked seawater for three species.
Figure 5. Copper toxicity in spiked pore water and spiked seawater for two species.

Figure 6. Toxicity at the Paradise Cove reference station and at varying locations in San

Francisco Bay.
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Table 1. Field replicate mean values (as % of seawater controls) for pore-water
toxicity at Paradise Cove over a 2-month sampling period

Amphipod Survival

- Embryo Normality
Sampling Date % of Control (95% C.1.) % of Control (95% C.1.)
M. edulis S. purpuratus E. estuarius R. abronius
2-24-94 98 (5.4) 83 (9.0) 94 (1.7) 87 (0.0)
3-16-94 108 (1.5) 92 (5.8) 96 (0.0) 98 (0.0)
4-6-94 119 (4.6) 91 (4.6) 104 (2.2) 100 (7.8)
4-27-94 100 (2.7) 87(1.5) 98 (2.7) 100 (2.3)



Table 2. Simultaneously extracted metals (SEM) and acid volatile sulfides
(AVS) determined for samples acquired at Paradise Cove.a

Sample Date/Site SSEMP  AvS SEM/AVS
2/22/94
Paradise Cove 1 1.06 1.47 0.72
Paradise Cove 2 1.29 0.91 1.42
Paradise Cove 3 ND¢ 0.01 ND
Paradise Cove 4 0.89 1.19 0.75
Mean 108 089 | 0.96
(standard error) (0.11) (0.31) 0.22)
3/14/94
Paradise Cove 1 0.80 13.3 0.06
Paradise Cove 2 0.71 0.75 0.95
Paradise Cove 3 ND 1.97 ND
Paradise Cove 4 0.93 3.27 0.28
Mean 0.81 4.82 043
(standard error) (0.06) (2.85) (0.26)
4/4/94
Paradise Cove N 1 2.72 0.38 7.16
Paradise Cove N 2 2.49 0.27 9.23
Paradise Cove N 3 ND 1.99 ND
Paradise Cove N 4 241 1.31 1.84
Mean 2.54 0.98 6.07
(standard error) (0.09) (0.65) (2.19)
Paradise Cove M 1 1.96 5.23 0.37
Paradise Cove M 2 2.06 1.04 1.98
Paradise Cove M 3 2.24 12.6 0.17
Paradise Cove M 4 1.97 0.61 3.23
Mean 2.06 4.88 ' 1.43
(standard error) (0.06) (2.79) (0.72)
Paradise Cove S 1 1.98 14.1 0.14
Paradise Cove S 2 2.04 17.5 0.11
Paradise Cove S 3 2.19 5.18 0.42
Paradise Cove S 4 2.10 6.25 0.33
Mean 2.08 10.70 0.25
(standard error) (0.04) (3.00) (0.07)

a All values are expressed as uM/g dry wt
b SEM = ¥Cu, Ni, Cd, Zn, Pb
€ Not determined (insufficient sample)



Table 2 (continued). Simultaneously extracted metals (SEM) and acid volatile
sulfides (AVS) determined for samples acquired at Paradise Cove.2

Sample Date/Site SSEMP  AVS SEM/AVS
4/25/95
PCM 1 NDC¢ 8.06 ND
PCM 2 ND 25.0 ND
PCM 3 3.91 0.37 0.37
PCM 4 2.64 ND ND
Mean 3.27 11.1 ND
(standard error) ND (7.26) ND
All Samples
Mean 1.87 5.31 1.64
(standard error) (0.18) (1.40) (0.59)

a All values are expressed as uM/g dry wt
b SEM = ¥Cu, Ni, Cd, Zn, Pb
€ Not determined (insufficient sample)



Table 3. NH; and H,S concentrations for pore-water toxicity tests conducted at Paradise Cove and other sampling

locations in San Francisco Bay

a, b, ¢

Richmond Inner Harbor, Point Richmond,
Treasure Island, and Paradise Cove

Hunters Point,Treasure Island,
Islais Creek, and Paradise Cove

Ammonia as NH; (mg/L) Ammonia as NH, (mg/L)

Site Day1 Day3 Day5 H,S (u g\L) Site Day1 Day3 Day5 H,S (ug\L)
Sea 0.00 0.00 0.000 0.00 Sea 0.00 0.00 0.00 0.00
RIH 1 0.00 0.26 0.020 9.25 HP 1 0.19 0.14 0.00 223
RIH 2 0.00 0.23 0.017 2.90 HP 2 0.17 022 0.08 0.00
RIH 3 0.00 0.21 0.022 9.74 HP 3 0.18 025 0.11 - 0.00
RIH 4 0.00 0.31 0.030 12.16 HP 4 036 0.34 0.09 1.43
PR 1 0.00 0.07 0.022 3.53 TI1 0.20 0.29 0.32 294
PR 2 0.00 0.05 0.043 334 Ti2 0.30 0.18 023 3.86
PR3 0.00 0.17 0.019 334 TI3 043 025 0.21 245
PR 4 0.02 0.11 0.046 5.96 TI4 0.20 0.19 0.26 2.06
TI1 0.02 025 0.054 0.30 ICt 0.66 047 » 50.13
TI2 0.01 0.23 0.032 6.77 IC2 1.01 0.44 * 26.30
TI3 0.01 0.18 0.035 7.96 IC3 0.62 0.42 * 74.75
TI4 0.03 0.21 0.068 13.57 iIC4 0.89 1.10 * 87.19
PCl 0.00 0.10 0.053 0.17 PC1 0.02 0.00 0.11 0.97
PC2 0.00 0.14 0.024 3.49 PC2 0.04 0.01 0.07 2.06
PC3 0.00 0.20 0.000 5.94 PC3 0.02 0.00 0.13 2.06
PC4 0.00 0.18 0.017 421 PC4 0.03 0.00 0.08 477

2 Day 1 data are for all species (initial meésurements). Day 3 data are for bivalves and echinoderms only (final measurements)., Day 4 & § data are for amphipods only (final measurements).
b pH increase in test cups on days 3 and 5 accounts for the majority of the increases in NH; over time.

¢ H,S was measured on day 1 only.

Angel Island, China Basin,

Alameda Naval Supply Center, and Paradise Cove

Ammonia as NH; (mg/L)
Site Day1 Day3 DayS5 H,S (u g\
Sea 0.00 0.00 0.00 0.30
All 0.04 0.05 0.07 0.86
A2 0.05 0.06 0.09 6.51
Al3 0.06 0.05 0.06 442
Al4 0.04 0.05 0.12 5.68
CB1 0.03 033 0.08 42.35
CB2 0.03 0.11 0.12 44.56
CB3 0.03 0.15 0.10 29.25
CB4 0.03 . 0.18 0.17 39.22
Al 0.03 023 0.17 9.38
A2 0.04 0.11 0.06 14.46
A3 0.03 0.22 0.09 442
A4 0.03 0.13 0.11 9.00
PC1 0.01 0.03 0.02 14.28
PC2 0.02 0.05 0.04 12.01
PC3 0.02 0.05 0.02 13.70
PC4 0.02 0.05 0.04 8.53



Table 4. Simultaneously extracted metals (SEM) and acid volatile sulfides
(AVS) determined for comparison of Richmond Inner Harbor, Pt. Richmond

and Treasure Island to Paradise Cove.a/ b

Sample Site YSEMC¢ AVS
Pt. Richmond 1 0.50 2.62
Pt. Richmond 2 1.11 0.04
Pt. Richmond 3 1.01 0.13
Pt. Richmond 4 1.26 0.14
Mean 0.97 0.73
(standard error) 017) (0.62)
Richmond Inner Harbor 1 1.35 4.02
Richmond Inner Harbor 2 1.22 2.24
Richmond Inner Harbor 3 0.83 2.16
Richmond Inner Harbor 4 0.86 1.09
Mean . 1.06 2.37
(standard error) (0.13) (0.60)
Treasure Island 1 1.12 21.5
Treasure Island 2 0.97 9.80
Treasure Island 3 0.78 11.1
Treasure Island 4 0.83 17.4
Mean 0.93 14.9
(standard error) 0.07) (2.79)

a All values are expressed as pM/g dry wt
b paradise Cove data (2/22/94) are listed in Table 2
€ SEM = >Cu, Ni, Cd, Zn, Pb

SEM/AVS

0.19
279

7.76

9.00
11.21
(5.89)

0.33
0.54
0.38
0.79
0.51
(0.10)

0.05
0.09
0.07
0.04
0.06
(0.01)



Table 5. Simultaneously extracted metals (SEM) and acid volatile sulfides
(AVS) determined for comparison of Treasure Island, Hunters Point and

Islais Creek to Paradise Cove.2, b

PN

Sample Site >SEMC¢ AVS : SEM/AVS
Hunters Point 1 1.59 11.7 0.13
Hunters Point 2 ' 139 260 0.05
Hunters Point 3 1.39 41.7 0.03
Hunters Point 4 1.35 13.1 0.10
Mean 1.43 23.1 0.07
(standard error) - (0.05) - (6.95) (0.02)
Islais Creek 1 2.34 43.6 0.05
Islais Creek 2 1.17 16.6 0.07
Islais Creek 3 - 1.55 17.3 0.08
. Islais Creek 4 1.60 19.8 0.08
Mean 1.67 24.3 _ 0.07
(standard error) (0.24) (6.45) (0.01)
Treasure Island 1 1.66 0.84 - 1.98
Treasure Island 2 1.06 17.2 0.06
Treasure Island 3 1.39 41.1 ' 0.03
Treasure Island 4 1.20 21.3 0.05
Mean 1.33 20.1 0.53
(standard error) (0.13) (8.25) , (0.48)

a All values are expressed as UM/g dry wt
b paradise Cove data (3/14/94) are listed in Table 2
€SEM = >Cu, Ni, Cd, Zn, Pb



Table 6. Simultaneously extracted metals (SEM) and acid volatile sulfides
(AVS) determined for comparison of Alameda Naval Supply Center, Angel

Island and China Basin to Paradise Cove.2, b

Sample Site

Alamedé 1
Alameda 2

Alameda 3

Alameda 4
Mean
(standard error)

Angel Isl. 1
Angel Isl. 2
Angel Isl. 3
Angel Isl. 4
Mean
(standard error)

China Basin 1
China Basin 2
China Basin 3
China Basin 4
Mean
(standard error)

a All values are expressed as uM/g dry wt
b paradise Cove data (4/25/95) are listed in Table 2

€SEM = >Cu, Ni, Zn, Pb

> SEM¢

236
3.10
NDd
2.66
2.71

(0.21)

ND
0.99
1.18
1.68
1.28

(0.20)

272
2.24
2.11
1.72
2.20

(0.21)

AVS

16.7
21.7

0.38
3.36
10.5

(5.10)

2.16
1.03
2.89
0.21
1.57
(0.59)

334
4.44
28.0
5.15
17.7
(7.55)

d Not determined (insufficient sample)

SEM/AVS

0.14
0.14
ND
0.79
0.35
(0.21)

ND
0.96
0.40
8.00
3.12
(2.43)

0.08 -
0.50
0.07
0.33
0.24
(0.10)



Table 7. Simultaneously extracted metals (SEM) and acid volatile sulfides
(AVS) determined for preliminary study of Castro Cove.2 b

Sample Site >SEMC¢ AVS SEM/AVS
Castro Cove 1 2.59 455 0.05
Castro Cove 2 1.32 35.4 0.11
Castro Cove 3 2.60 30.8 0.08
Castro Cove 4 2.07 46.7 0.04
Mean 2.15 39.6 0.07
(standard error) (0.30) (3.8) (0.02)

2 All values are expressed as uM/g dry wt
b Paradise Cove data (4/4/95) are listed in Table 2
€SEM = ¥Cu, Ni, Cd, Zn, Pb
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